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A B S T R A C T   
Polylactic acid (PLA) is a compostable bio-based plastic that can be used for food packaging, potentially 
increasing separation of (packaged) food waste for targeted, more circular organic waste management via 
anaerobic digestion, industrial composting, or (in the future) insect protein meal feed production. Consequential 
life cycle assessment (LCA) was undertaken to rigorously assess the environmental impact of displacing petro-
chemical plastic packaging of fresh fruit and vegetables with PLA. Eight end-of-life scenarios of bioplastic 
packaging were evaluated against a business-as-usual petrochemical packaging scenario, expanding LCA 
boundaries to include end-of-life impacts of fruit and vegetable food waste within a UK context. PLA production 
has a higher impact compared with petrochemical plastic production across many impact categories, but 
diversion of PLA-packaged food waste to organic recycling can compensate for this, improving the overall 
environmental performance of bioplastic packaging scenarios. Future diversion of organic waste streams to insect 
feed (following regulatory change) would lead to the best environmental outcomes, followed by anaerobic 
digestion. Impact categories ameliorated in bioplastic scenarios include human health effects, climate change, 
freshwater eutrophication, ionising radiation, photochemical ozone formation, resource use energy carriers, and 
respiratory inorganics. On the other hand, petrochemical plastic scenarios generate smaller burdens for acidi-
fication, marine and terrestrial eutrophication, ozone depletion, and water scarcity. Sensitivity analyses indicate 
high improvement potential for bioplastic scenarios if the energy efficiency of PLA production can be increased, 
or if globalised production shifts to industrialised countries with cleaner energy mixes (that currently import 
most of their plastics). Whilst end-of-life management of the fruit and vegetable food waste has a considerable 
influence on environmental outcomes, plastic packaging represents a surprisingly large share of the dry matter 
material flow (about 25%) in fresh produce waste streams. Therefore, it is imperative that future LCA studies of 
food packaging account for both packaging and (diverted) food waste end-of-life flows.   
1. Introduction 
Global food production must increase by 60% from 2007 levels by 
2050 in order to meet the demands of the growing world population 
(Alexandratos and Bruinsma, 2012). However, more than one third of 
the food produced for human consumption is wasted, with an estimated 
1.3 billion tonnes of edible food waste disposed of globally each year 
(FAO, 2013, 2011). This wasted food requires almost 1.4 billion hectares 
of land to produce, which represents around 30 percent of the world’s 
agricultural land area, with further impacts from water depletion and 
biodiversity loss (FAO, 2013). Thus, food waste1 has substantial envi-
ronmental and socioeconomic impacts and is one of the major chal-
lenges of the 21st century. In the UK, about 9.5 million tonnes of food is 
wasted post-farm-gate annually, of which 6.6 million tonnes is gener-
ated in the household (WRAP, 2020a). Over two-thirds of this (4.5 
million tonnes) is food intended to be eaten, with a value of almost £14 
billion (WRAP, 2020a). The remainder (2.1 million tonnes) consists of 
inedible portions (WRAP, 2020a). Fresh fruit and vegetables represent 
about 38% of all wasted food in the UK (WRAP, 2018). The UK is 
actively working towards the UN Sustainable Development Goal 12.3 
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food waste prevention target2 and Courtauld 2025 targets.3 
Plastics are the major packaging material used for fresh foods. The 
global life cycle greenhouse gas (GHG) emissions of plastic use were 
estimated to be 1.7 Gt CO2 eq. in 2015, projected to increase to 6.5 Gt 
CO2 eq. by 2050 (Zheng and Suh, 2019). Moreover, persistent plastics 
are a well-known hazard to marine and terrestrial environments, but 
also to the health of animals and humans (Boots et al., 2019; Kühn et al., 
2015; Li et al., 2016). The negative impacts of single-use petrochemical 
plastics have resulted in moves to phase them out throughout Europe 
(European Parliament, 2019). 
A large share of household food waste is combined with the plastic 
packaging in which it is purchased. This food waste is difficult and 
expensive to separate, so the commingled waste often ends up in less 
preferred waste treatment, such as landfill or incineration (Bernstad 
et al., 2013). Thus, food waste incurs burdens across food and plastic 
value chains, representing a priority environmental “hotspot” that needs 
to be addressed in the shift towards a circular, low-carbon economy. 
Biodegradable bio-based polymers (biodegradable bioplastics) are being 
developed as a more sustainable replacement for petrochemical plastics 
(European Commission, 2018). Such plastics can retain the beneficial 
material characteristics (food preservation abilities) of petrochemical 
plastics whilst allowing for a transition towards a circular economy by 
reducing fossil resource extraction and lowering end-of-life burdens as a 
result of their biodegradable nature. The current bioplastic market ac-
counts for less than 1% of the entire plastic packaging market, although 
bioplastic demand within the food packaging industry is rapidly 
growing (Zhao et al., 2020). Polylactic acid (PLA) is a commercially 
successful biodegradable bioplastic created from mainly starch feed-
stocks (Lim et al., 2008). PLA is a versatile material, being, inter alia, a 
thermoplastic, a gas barrier, UV resistant, biocompatible, elastic, rigid, 
and hydrophobic (Jabeen et al., 2015; Karan et al., 2019). PLA thus has 
the potential to replace many petrochemical plastics as a packaging 
material. However, before large-scale system changes are adopted, full 
environmental evaluations should be considered. 
Life cycle assessment (LCA) is a method of quantifying the environ-
mental impacts arising over the entire value chain of a product or service 
(ISO, 2006a, 2006b). Consequential LCA models are prospective as they 
aim to model the consequences of future decisions. Consequential LCA is 
a system modelling approach in which activities are included in the 
product system(s) being evaluated only to the extent that they are ex-
pected to change as a consequence of a change in demand for the 
functional unit (LCA-2.0, 2015; Sonnemann and Vigon, 2011). Conse-
quential modelling therefore uses unconstrained (or marginal) suppliers 
in the product systems that can increase (or decrease) production if there 
is an increase (or decrease) in demand for a product or process, as well as 
for the products and processes which will be substituted in other systems 
(i.e. system expansion) due to additional production of co-products 
(Ekvall et al., 2016; Ekvall and Weidema, 2004). It is argued that 
consequential models are more appropriate than attributional models 
when evaluating changes to product systems (Weidema et al., 2018). 
Recent reviews on LCA of bioplastics have found that LCA method-
ologies of bioplastic are often inadequate, through limited or even 
biased selection of impact categories, incomplete input data, inadequate 
representation of indirect land-use change and carbon storage, and lack 
of consequential modelling (Bishop et al., 2021; Pawelzik et al., 2013; 
Yates and Barlow, 2013). Due to the potential suitability of compostable 
bioplastics for organic recycling via anaerobic digestion (AD) or indus-
trial composting, the use of a compostable bioplastic food packaging 
could make it easier to separate out organic waste in the household, 
wherefore the bioplastic could be disposed of with the food waste for 
targeted collection, thereby increasing collection and treatment effi-
ciency. Previous studies have explored the consequential life cycle 
environmental impacts of food waste (Salemdeeb et al., 2017; Styles 
et al., 2020; Tonini et al., 2018), and a few studies have applied attri-
butional LCA to assess bioplastic packaging and food waste together, e.g. 
homogeneous composting of bioplastic tableware and food waste 
(Fieschi and Pretato, 2018). However, a review by Kakadellis and Harris 
(2020) found a clear shortcoming of LCA studies of bioplastics that 
typically do not include food waste management (changes) within their 
system boundaries. Addressing this gap requires application of pro-
spective LCA that considers the interaction between technology and 
consumer behaviour (Polizzi di Sorrentino et al., 2016). 
The European Strategy for Plastics in a Circular Economy suggests 
that innovative materials and alternative feedstocks for plastic produc-
tion should be developed and used where evidence clearly shows that 
they are more sustainable compared to petrochemical plastics (Euro-
pean Commission, 2018). There is thus an urgent need for more 
comprehensive and appropriately designed LCA studies to provide clear 
evidence on the sustainability of bioplastics, and how they benchmark 
against conventional plastics. There is a specific research gap in 
forward-looking, consequential LCA of bioplastic food packaging that 
accounts for potential diversion of food waste streams. The aim of this 
study is to fill that gap by comprehensively assessing the environmental 
consequences of replacing petrochemical plastic food packaging of fresh 
fruit and vegetables with PLA within future-orientated scenarios repre-
senting graduated levels of enhanced waste separation. 
2. Methodology 
2.1. Goal and scope 
The goal of this consequential LCA was to rigorously evaluate the 
displacement of petrochemical food packaging used for fresh fruit and 
vegetables with a biodegradable bioplastic (PLA), in response to a future 
ban on single-use petrochemical plastics. In addition to PLA production, 
the possibility of greater levels of organic waste separation within the 
household, facilitated by the PLA packaging, was explored. Eight end-of- 
life scenarios of bioplastic packaging were evaluated against a baseline, 
business-as-usual (BAU) petrochemical packaging scenario (see Section 
2.2). 
The functional unit for this study was defined as the management of 
1 tonne of fresh fruit and vegetable food waste generated from UK 
households and associated food packaging of 51.12 kg. Each tonne 
of fresh fruit and vegetable waste was comprised of 622.5 kg of vege-
table waste, and 377.5 kg fruit waste, calculated from a disaggregated 
breakdown of the food waste from WRAP (2018) (described in Section 
2.3.1). The mass of plastic packaging waste per tonne of fruit and 
vegetable food waste generated was calculated based on the study by 
Lebersorger and Schneider (2011). They estimated that food packaging 
represented 7% and 2% of product mass for vegetables and fruit, 
respectively, approximating to 51.12 kg per tonne of combined fruit and 
vegetable food waste in the UK. 
Consequential modelling was applied with the geographic scope of 
the study being the UK. Therefore, all the foreground inventory data for 
marginal food waste composition, marginal technologies, and the leg-
islative context were specific to UK conditions. Plastic production has a 
global market, so was not confined to the UK. Supplementary informa-
tion is provided as an Excel workbook containing the input data and 
arithmetic manipulations involved in the life cycle inventory, full re-
sults, and uncertainty analyses. The calculation of LCA results and the 
uncertainty simulations were performed using openLCA 1.10.2 software 
(GreenDelta, 2021). 
In the study there were a series of assumptions that were made for 
clarity and to aid the main goal of the LCA: 
2 Target 12.3 – By 2030, halve per capita global food waste at the retail and 
consumer levels and reduce food losses along production and supply chains, 
including post-harvest losses.  
3 Courtauld 2025 targets aims to prevent food waste and its associated 
greenhouse gas (GHG) emissions per person by 20% in the UK by 2025. 
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• It was assumed that the type of plastic packaging did not affect the 
quantities of household food waste generated.  
• The process of product formation from plastic granulates was 
excluded from each scenario due to uncertainty of breakdown of the 
products, i.e. granulates into products such as films or trays. How-
ever, it was assumed that product formation burdens were the same 
per kg plastic across scenarios and across plastic types.  
• Upstream food production burdens were excluded from the study.  
• The “use” phase of the household food and plastic packaging was 
excluded from the study (e.g. no emissions were modelled for culi-
nary activities, or storage of the fruit and vegetables).  
• Waste collection bags were excluded from the study. 
The major processes accounted for in this study are shown in Fig. 1. 
2.2. Scenarios 
This study incorporated eight bioplastic and food waste scenarios, 
Fig. 1. The system boundary of the study. A schematic representation of the major processes modelled within this LCA study. iLUC: indirect land-use change; dLUC: 
direct land-use change; EoL: end-of-life; PLA: polylactic acid; SOC: soil organic carbon. 
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and a business-as-usual (BAU) petrochemical plastic and food waste 
scenario. The scenarios evaluated in this study are described below and 
relate to Fig. 1. Further details of the scenarios can be found in Section 
2.3. To facilitate interpretation and benchmarking, in the first instance, 
scenario performance was calculated independently within the conse-
quential LCA framework. Subsequent analyses consider full conse-
quential transitions from the (avoided) petrochemical plastic BAU to 
each specific bioplastic scenario. 
2.2.1. Petrochemical business-as-usual scenario (BAU) 
This baseline scenario of the LCA study evaluated continuing usual 
practise. Food waste may be separated from the plastic packaging in 
households for weekly or biweekly targeted food waste collection, 
depending on the local municipality. In 2015, the proportion of total 
household food waste that was collected in targeted food waste collec-
tion schemes was 13.1% (WRAP, 2016). This value is increasing each 
year as more local authorities are increasing the coverage of targeted 
food waste collection (WRAP, 2016). This study therefore conserva-
tively used a future BAU separation efficiency of 20% food waste 
collected for recycling. The end-of-life treatment of food waste was 
modelled as a mixture of home and industrial composting and AD for 
separated food waste, and incineration for non-separated food waste 
(Table 1). The destination of the targeted food waste collection was 
assumed to be a 50% split between AD and industrial composting 
(Tonini et al., 2018). Some food waste is home composted, which we 
assumed to be 15% of the generated household food waste, based on 
increasing levels of home composting (WRAP, 2020b). Landfilling is 
being phased out under EU regulation (European Commission, 2014; 
European Union, 1999), so, although it represents up to 48% of food 
waste treatment in parts of the UK (Salemdeeb et al., 2017), it is unlikely 
to represent a significant primary food waste disposal option in the 
future. Therefore, the remaining 65% of the fruit and vegetable food 
waste was incinerated following kerbside collection, representing a 
conservative and future-looking approach to the assessment of PLA 
impacts. The polypropylene (PP), high-density polyethylene (HDPE), 
low-density polyethylene (LDPE), and polyethylene terephthalate (PET) 
plastic packaging waste were modelled to be treated as 55% recycled, in 
line with proposed EU targets (European Commission, 2018). The 
low-density polyethylene (LDPE) plastic packaging was assumed to have 
a lower recycling rate of just 10%, double the current UK collection rate 
of plastic films (WRAP, 2019). The remaining plastic waste that is not 
recycled was incinerated. 
2.2.2. Bioplastic scenarios 
The feedstock for the PLA in this study was maize. For the maize 
production, regional production processes were modelled (Section 
2.3.2.2). As PLA can be organically recycled alongside the food waste, 
scenarios were evaluated relating to the levels of separation of the food 
waste for targeted food waste collection (i.e. in a food waste bin), 
including bioplastic packaging collection alongside the food waste (i.e. 
same organic recycling rate for PLA as for food waste). The scenarios 
included transportation of the waste from the household to different 
end-of-life treatments of incineration for non-separated organic waste, 
or industrial composting, AD, or feeding to insects to produce animal 
feed (Section 2.3.4) for separated organic waste. Home composting was 
assumed to occur for the food waste only, as PLA will not biodegrade 
within a reasonable time-frame in home compost (Su et al., 2019). For 
the fraction of food waste that was diverted for home compost, the 
associated PLA packaging was assumed to be separated in the household 
and placed in the targeted food waste collection bin. 
The end-of-life fate proportions of waste were split across eight 
scenarios (Table 2) based on BAU, and then scenarios of increasing 
targeted waste collection from local authorities, culminating in total 
diversion to specific biowaste management options for comparative 
purposes. Increased targeted waste collection was considered to be 
diverted to anaerobic digestion due to it being the preferred waste 
treatment option for food waste in the UK (Styles et al., 2020). 
2.3. Inventory analysis 
Within the life cycle inventory (LCI), the environmental aspects that 
were analysed included energy consumption, transportation, nutrient 
flows, water use, and chemical use. The full life cycle was modelled for 
the system (as described in Fig. 1), to include production, construction, 
operation, and end-of-life impacts. Within this section, the calculations 
for the foreground data are described. Background data were sourced 
from the ecoinvent 3.5 consequential database (Wernet et al., 2016). 
Processes were chosen to refer to the UK reality. When unavailable, 
authors chose the closest available processes and changed the energy 
matrix to the UK matrix. A full breakdown of the LCI can be found in the 
Supplementary Material. 
2.3.1. Food waste composition 
The composition of food waste strongly influences downstream 
waste management processes. Table 3 shows the quantities of different 
fruit and vegetable waste modelled within this study. The disaggregated 
breakdown of UK household food waste was based on the latest avail-
able data (WRAP, 2018). These values were used to extrapolate the 
estimated food waste composition from households to the year 2030, by 
keeping the composition of food waste constant and uniformly adjusting 
to the anticipated total changes in food waste production identified from 
WRAP (2020b, 2018) and Styles et al. (2020). Thus, the total fresh fruit 
and vegetable food waste generated from households in 2030 was esti-
mated to be 2,068,226 tonnes. See supplementary material: tab 1 for a 
full methodological and nutritional breakdown of the modelled fruit and 
vegetable waste. The chemical, physical, and nutritional properties of 
the individual food products were taken from Tonini et al. (2018) to 
calculate weighted averages for the overall modelled food waste. The 
weighted average dry matter content of the fruit and vegetable waste 
was calculated to be 15.61%. 
2.3.2. Marginal suppliers 
The ability of suppliers to respond to a marginal increase in demand 
may be constrained by market failures, declining markets, regulations, 
redundant technologies, high financial cost of production, and/or 
shortage of raw materials and other necessary production factors 
(Weidema, 2003). A marginal supplier is identified as the most 
competitive with a steady increase or constant trend that is unaffected 
by such constraints (Weidema, 2003). 
2.3.2.1. Petrochemical plastic packaging production. This study assumes 
the composition of the petrochemical plastic food packaging for the fruit 
and vegetables to be a mix of PP, HDPE, LDPE, and PET, the most 
common food packaging plastics. The split of plastic packaging into their 
individual polymers was based on the UK plastic packaging placed on 
the market (WRAP, 2019): 19% PP, 19% LDPE, 31% HDPE, and 31% 
Table 1 
Future business-as-usual scenario for the end-of-life fate of the food waste following separation at the household for targeted waste collection, given as percentages of 
total food waste generated in the UK.  
Scenario Total targeted food waste collected Industrial composting Anaerobic digestion Home composting Incineration  
(% destinations of food waste generated in the household) 
Business-as-usual (BAU) 20 10 10 15 65  
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PET. For plastic packaging production, global market data from ecoin-
vent 3.5 consequential were used (Wernet et al., 2016). The background 
data included all major processes of granulate production, from raw 
material extraction to delivery at plant, and is derived from the 
eco-profiles of the European plastics industry (Wernet et al., 2016). 
2.3.2.2. PLA packaging production. The data for the production of PLA 
packaging were taken from ecoinvent 3.5 consequential (Wernet et al., 
2016), based on data from the world’s largest PLA plant, NatureWorks. 
Detailed maize production markets were modelled in the dataset, where 
the marginal maize is produced in multiple locations, as considered in 
ecoinvent. The main processes for the production of maize included: soil 
cultivation; transport of seeds, fertilisers, and pesticides to the field; 
sowing; fertilisation; irrigation; weed, pest, and pathogen control; har-
vest; transport from field to farm; and drying of grains. Direct land use 
change emissions were low in the ecoinvent datasets because most 
maize feedstock was modelled to be appropriated from existing agri-
cultural land. Thus, in this study, potential indirect land-use change 
(iLUC) emissions from new maize PLA-feedstock cultivation were added 
to the LCI (Section 2.3.3). iLUC here refers to the process where the 
production of the maize feedstock displaces the prior crop onto other 
land in other locations around the world, inducing land-use change at 
the agricultural frontier (Schmidt et al., 2015). In this study, most 
biogenic carbon stored within the bioplastic was assumed to be released 
back to atmosphere in the short-term, so is treated as carbon neutral 
over its life cycle. However, a fraction of biogenic carbon returned to the 
soil in digestate and compost is assumed to remain out of the atmosphere 
long-term and is therefore considered to be “sequestered” within the 
model (Fig. 1) (Section 2.3.4). 
2.3.2.3. Energy production. The geographic market for energy is 
regional, so, the marginal electricity supply was modelled on the UK 
market using the method of calculating marginal mixes suggested by 
Schmidt et al. (2011). This method evaluates the change in the share of 
sources for energy production to the increasing market. The increasing 
market implies installation of more capacity, which is expected to be of 
modern technology, rather than old. Thus, the marginal electricity 
supply for the UK was based on extrapolation of electricity production 
sources with increasing shares of the market as reported by the IEA 
(2021). The different technologies were then modelled using ecoinvent 
3.5 consequential (Wernet et al., 2016). The marginal mix of heat was 
calculated in a similar manner, with processes also modelled using 
ecoinvent 3.5 consequential (Wernet et al., 2016). The breakdown of the 
marginal energies can be found in the supplementary material: tab 2. 
2.3.3. Indirect land-use change 
iLUC refers to the indirect consequence of land occupation, where 
the occupation of some production capacity needs to be compensated 
elsewhere. Following the consequential approach, iLUC was included in 
the impacts of PLA maize cultivation. The iLUC modelled in this study 
followed the deterministic model presented by Tonini et al. (2016). This 
framework uses a biophysical model that considers the global market for 
land as the marginal supplier of land. According to the model, additional 
demand for land, and thus additional production of crops, is supplied 
from two different sources: land expansion (i.e. deforestation) and 
intensification of land already in use. This model does not consider the 
social effects from reduced consumption induced by increases in prices 
since only long-term GHG impacts were considered, and thus the activity 
is constrained (Schmidt et al., 2015; Tonini et al., 2016). Observing 
global agricultural statistics over time, the proportion of sources for the 
change in the output of crop cultivation was 75% increased yields 
(intensification) and 25% expansion of the cultivated area (Tonini et al., 
2016). Intensification is considered as 100% input driven, here modelled 
Table 2 
Bioplastic scenarios for end-of-life fate of combined food waste and bioplastic packaging following separation at the household for targeted waste collection, given as 
percentages of total food and packaging waste generated.  
Scenario Total targeted waste collected Industrial composting Anaerobic digestion Home composting * Incineration Insect feed  
(% destinations of food waste generated in the household) 
Scenario 1 (S1) 20 10 10 15 65 0 
Scenario 2 (S2) 40 10 30 15 45 0 
Scenario 3 (S3) 60 10 50 15 25 0 
Scenario 4 (S4) 80 10 70 15 5 0 
Scenario Anaerobic Digestion (SAD) 100 0 100 0 0 0 
Scenario Composting (SComp) 100 100 0 0 0 0 
Scenario Incineration (SIncin) 0 0 0 0 100 0 
Scenario Insect Feed (SIF) 100 0 0 0 0 100 
*Home composting assumed for food waste only as PLA will not biodegrade within a reasonable timeframe in home composting. The separated PLA from the home 
composted food waste is assumed to be placed in targeted waste collection bin and split evenly between anaerobic digestion and industrial composting. 
Table 3 
Composition of fruit and vegetable food waste from UK households, projected 
for the year 2030. Calculated from baseline data from WRAP (2018).  
Food waste generated 2030 
Category Food Type Food waste 
(tonnes) 
Mass per tonne of food 
waste (tonnes) 
Vegetable Potato (fresh) 592,591 0.287 
Vegetable Onion (fresh) 100,156 0.048 
Vegetable Carrot (fresh) 91,810 0.044 
Vegetable Lettuce (fresh) 56,755 0.027 
Vegetable Other root vegetables 
(fresh) 
49,243 0.024 
Vegetable Cabbage (fresh) 48,409 0.023 
Vegetable Cucumber (fresh) 41,732 0.020 
Vegetable Tomato (fresh) 40,062 0.019 
Vegetable Cauliflower (fresh) 38,393 0.019 
Vegetable Broccoli (fresh) 34,220 0.017 
Vegetable Pepper (fresh) 29,212 0.014 
Vegetable Mixed vegetables 
(fresh) 
25,874 0.013 
Vegetable Leafy salad (fresh) 20,866 0.010 
Vegetable Mushroom (fresh) 18,362 0.009 
Vegetable Leek (fresh) 17,527 0.008 
Vegetable Sweetcorn/corn on the 
cob (fresh) 
13,354 0.006 
Vegetable Bean (all varieties) 
(fresh) 
10,850 0.005 
Vegetable Spring onion (fresh) 9,181 0.004 
Vegetable All other fresh 
vegetables and salads 
59,259 0.029 
Fruit Banana 267,083 0.129 
Fruit Melon 91,810 0.044 
Fruit Apple 83,464 0.040 
Fruit Orange 81,794 0.040 
Fruit Stone fruit 58,424 0.028 
Fruit Pineapple 56,755 0.027 
Fruit Other citrus 47,574 0.023 
Fruit Soft/berry fruit 42,566 0.021 
Fruit Pear 19,197 0.009 
Fruit All other fresh fruit 21,701 0.010  
Total 2,068,226 1  
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as increases in nitrogen (N), phosphorus (P), and potassium (K) fertil-
isers. The iLUC model considers the geographical location of expansion 
and affected biomes, the changed flows of carbon (C) and N as a result of 
expansion, the quantities of increased N, P, K fertiliser used for inten-
sification, and the overall field emissions associated with the fertiliser 
application. For a detailed description of the model, the reader is 
referred to the original publication. The amount of arable land deman-
ded by the maize for PLA production was identified as 0.4754 m2a per kg 
PLA from ecoinvent 3.5 consequential (Wernet et al., 2016). Upstream 
emissions of the fertiliser production were also modelled from ecoinvent 
3.5 consequential (Wernet et al., 2016). See supplementary material: 
tab 8 for a full arithmetic breakdown of the iLUC inventory. 
2.3.4. End-of-life treatments 
For all the scenarios, regardless of the final treatment, waste 
collection from households was assumed to be performed with a 
municipal waste collection truck travelling 10 km (Tonini et al., 2018). 
Construction of waste treatment facilities was included in the life cycle 
inventories. 
2.3.4.1. Industrial composting. Industrial composting was assumed to 
operate in an open-windrow system. Table 4 summarises the framework 
methodology employed for industrial composting. Within this system, 
non-biogenic emissions arose from electricity consumption of 20 kWh 
per tonne organic waste, and from diesel machine operation, which was 
modelled from similar ecoinvent processes (Wernet et al., 2016). 
Decomposition emission factors (Table 5) were based on average emis-
sion factors from a literature review by Saer et al. (2013). Compost was 
assumed to be transported 20 km and applied on land by tractor, with 
spreading fuel consumption of 0.57 L diesel per tonne compost applied 
(Tonini et al., 2018). The direct and indirect N emissions from the 
application of the compost were estimated from the mass of N remaining 
in compost following decomposition (IPCC, 2006; Yoshida et al., 2016). 
Nutrients in compost were assumed to displace mineral fertilisers based 
on the N, P, and K content of the undigested food using chemical/nu-
tritional properties of the individual food products from Tonini et al. 
(2018) and Kolstad et al. (2012) for the PLA packaging, weighted by 
proportions of UK household fruit and vegetable waste (see Section 
2.3.1). P and K contents were then converted to phosphate (P2O5) and 
potassium oxide (K2O) contents, based on relative molecular masses, to 
quantify mineral fertiliser substitution. The long-term fertiliser substi-
tution for P and K was assumed to be 100%, whereas for N a substitution 
factor of 20% for compost was modelled (Tonini et al., 2018). Displaced 
embodied emissions in N, P, and K fertilisers were extracted from market 
data from ecoinvent 3.5 consequential (Wernet et al., 2016). Avoided 
field emissions from substituted fertilisers were also calculated. The 
long-term carbon sequestration was modelled as 11.3% of the C applied 
with the compost (Tonini et al., 2018). See supplementary material: 
tab 4 for a full arithmetic breakdown of the inventory. 
2.3.4.2. Anaerobic digestion. Energy outputs and fugitive emissions 
from AD were calculated using the LCAD model framework described in 
Styles et al. (2016), summarised in Table 5. Here a large AD plant was 
modelled, where food waste and PLA were converted to biogas and 
digestate at an AD facility. It was assumed that 50% of AD biogas was 
burned in a combined heat and power (CHP) plant to produce electricity 
and heat. Electricity produced from the CHP plant, minus parasitic re-
quirements within the plant, substitutes electricity from the UK market 
(Section 2.3.2.3). Heat from the CHP was used to heat the digester, with 
any remainder dumped. The other 50% of biogas was modelled to be 
upgraded into biomethane, which was then injected into the gas grid, 
substituting the market for heat (Section 2.3.2.3). These biogas uses are 
in line with future needs for dispatchable low-carbon heat and electricity 
to meet net zero GHG targets (CCC, 2019). 
In the AD plant, the biomethane yield was calculated as 30.39 kg CH4 
per tonne food waste and 11.9 kg CH4 for the associated flow of PLA 
(51.12 kg), based on the specific biochemical properties of these feed-
stocks (Tonini et al., 2018; Kolstad et al., 2012). Digestate was modelled 
to be stored in a sealed tank. Fugitive emissions of methane from the AD 
system were modelled as 1% from the digester and 1.5% from storage 
Table 4 
Methods applied to calculate activity data, emissions, and environmental bur-
dens within the industrial composting scenarios.  
Process  Method and data to calculate primary 
emissions and burdens 
Incurred 
processes 
Decomposition  • kg CH4 = feedstock input × 1.8297 kg/ 
t feedstock (Saer et al., 2013).  
• kg N2O = feedstock input × 0.075 kg/t 
feedstock (Saer et al., 2013).  
• kg NH3 = feedstock input × 0.406 kg/t 
feedstock (Saer et al., 2013).  
• Burdens = electricity of 20 kWh/t 
organic waste (Takata et al., 2012), 
modelled from marginal electricity 
generation.  
• Burdens = machine operation, diesel, 
>= 74.57 kW, low load factor: 
0.00035211 h from ecoinvent 3.5 
consequential.  
Compost transport  • Burdens = wet weight × 20 km ×
burdens per tkm for tractor-trailer 
from ecoinvent 3.5 consequential.  
• Burdens = wet weight × 0.57 L diesel/ 
t × burdens of diesel burning from 
ecoinvent 3.5 consequential.  
• Assumes 1 kg digestate per 1 kg 
feedstock wet weight.  
Compost 
application  
• kg NH3–N and kg NO3− -N = DM% ×
total N – N lost in decomposition 
(above) × EFs (1.6% NH3–N, 21.8% 
NO3− -N) (Yoshida et al., 2016).  
• kg N2O–N = DM% × total N – N lost in 
composition × 1% + (NH3–N (above) 







• Avoided NH3–N = DM% × N contents 
– N lost in decomposition (above) ×
long-term substitution N fertiliser 20% 
(Tonini et al., 2018) × 1.7% 
(Misselbrook et al., 2012).  
• Avoided NO3–N = DM% × N contents 
– N lost in decomposition × long-term 
substitution N fertiliser 20% (Tonini 
et al., 2018) × 10% (Duffy et al., 
2013).  
• Avoided N2O–N = DM% × N contents 
– storage NH3–N loss × long-term 
substitution N fertiliser 20% (Tonini 
et al., 2018) × 1% + NH3–N × 1% +
NO3− -N × 0.75% (IPCC, 2006).  
• Avoided P leach = DM% × P content ×
long-term substitution P fertiliser 
100% (Tonini et al., 2018) × 1% 
(Styles et al., 2016).  
Avoided fertiliser 
manufacture  
• Avoided burdens = DM% × nutrient 
contents – N lost in decomposition 
(above) × long-term fertiliser 
substitution factors (Tonini et al., 
2018) × ecoinvent 3.5 burdens for N, 
P2O5, and K2O fertilisers.  
C sequestration  • C sequestration = C not degraded (C 
degradation food waste 58%; PLA 65% 
(Boldrin et al., 2009; Hermann et al., 
2011)) × 11.3% long-term C seques-
tration (Tonini et al., 2018) 
tkm: tonne kilometre; DM%: dry matter percentage; PLA: polylactic acid; EFs: 
emission factors; CH4: methane; N2O: dinitrogen monoxide; NH3: ammonia; 
NH3–N: ammonia nitrogen; NO3− -N: nitrate nitrogen; N2O–N: dinitrogen mon-
oxide nitrogen; N: nitrogen; P: phosphorus; C: carbon; P2O5: phosphorus pent-
oxide; K2O: potassium oxide. 
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(Styles et al., 2016). NH3 and CH4 emissions from digestate storage were 
also modelled from Styles et al. (2016). Similarly to the industrial 
composting, the produced digestate was assumed to be transported 20 
km and applied on land with tractors having fuel consumption of 0.57 L 
diesel per tonne digestate applied (Tonini et al., 2018). The direct and 
indirect N emissions from the application of the digestate through 
shallow soil injection were calculated. The long-term carbon seques-
tration equalled 13.2% of the C applied with the digestate (Tonini et al., 
2018). As modelled in Section 2.3.4.1, digestate substitutes mineral 
fertilisers, mitigating the emissions incurred from the production and 
application of the N, P and K fertilisers. 
Modelling of emissions mitigation arising from the use of the 
digestate was based on the N (excluding the N losses discussed), P, and K 
content of the undigested food. P and K contents were then converted to 
P2O5 and K2O contents, based on relative molecular masses, to quantify 
mineral fertiliser replacement. The long-term fertiliser substitution for P 
and K was assumed to be 100%, whereas for N a substitution factor of 
40% for the digestate was modelled (Tonini et al., 2018). Displaced 
embodied emissions in N, P, and K fertilisers were extracted from market 
data from ecoinvent 3.5 consequential (Wernet et al., 2016), and avoi-
ded emissions of fertiliser application were also calculated. For a full 
detailed description of the model, the reader is referred to Styles et al. 
(2016) and supplementary material: tab 3 for a full arithmetic 
breakdown of the inventory. 
2.3.4.3. Incineration. The modelling of incineration was based on the 
methods described in Moult et al. (2018), utilising calculations of net 
energy released based on the gross energy and water content of the 
feedstocks. Table 6 summarises the framework methodology employed 
for incineration. Net thermal energy from combustion was used to 
generate electricity on site, of which surplus was exported to the UK grid 
to avoid marginal generation (Section 2.3.2.3). Incineration energy 
conversion efficiency was modelled at 22%, and gross thermal energy 
outputs were reduced by 15.5% to account for parasitic heat loss to the 
walls of the incinerator (Moult et al., 2018). All excess heat was assumed 
to be reused within the process or dumped. Small quantities of residues 
and slag were diverted to inert landfill after incineration, though have 
the potential to be used as construction infill materials (Aubert et al., 
2004). Emissions from the incineration process were adapted from 
Table 5 
Methods applied to calculate activity data, emissions, and environmental bur-
dens within the anaerobic digestion scenarios.  
Process  Method and data to calculate primary 
emissions and burdens 
Incurred 
processes 
Digester leakage  • kg CH4 = DM% × m3 CH4 yield ×
0.67 kg/m3 × 1% digester loss 
(Adams et al., 2015). 
Digestate storage  • kg CH4 = DM% × m3 CH4 yield ×
0.67 kg/m3 × 1.5% (Styles et al., 
2016).  
• kg NH3–N = DM% × total N × % total 
N as NH4+-N (80 %) × 2 % 
(Misselbrook et al., 2012).  
• Indirect N2O–N = NH3–N × 1% 
(IPCC, 2006). 
Digestate transport  • Burdens = wet weight × 20 km ×
burdens per tkm for tractor-trailer 
from ecoinvent 3.5.  
• Burdens = wet weight × 0.57 L diesel 
t− 1 × burdens of diesel burning from 
ecoinvent 3.5.  
• Assumes 1 kg digestate per 1 kg 
feedstock wet weight. 
Digestate application  • kg NH3–N and kg NO3− -N = DM% ×
total N × % total N as NH4+-N – 
storage NH3–N loss × MANNER NPK 
EFs (7.5% NH3–N, 15.5% NO3− -N) 
(Nicholson et al., 2013).  
• kg N2O–N = DM% × total N – storage 
NH3–N loss × 1% + (NH3–N (above) 
× 1%) + (NO3− -N (above) × 0.75%) 
(IPCC, 2006).  
• kg P leached = DM% × P content ×
1% (Styles et al., 2016). 
CHP combustion  • kg CH4 = DM% × m3 CH4 yield ×
0.67 kg/m3 − 1% digester loss × 50% 
biomethane use × 0.5% CHP slip 
(Styles et al., 2016). 
Biogas upgrade  • kg CH4 = DM% × m3 CH4 yield ×
0.67 kg/m3 − 1% digester loss × 50% 
biomethane use × 1.4% upgrade 






• Avoided NH3–N = DM% × N contents 
– storage NH3–N loss (above) × long- 
term substitution N fertiliser 40% 
(Tonini et al., 2018) × 1.7% 
(Misselbrook et al., 2012).  
• Avoided NO3− -N = DM% × N contents 
– storage NH3–N loss × long-term 
substitution N fertiliser 40% (Tonini 
et al., 2018) × 10% (Duffy et al., 
2013).  
• Avoided N2O–N = DM% × N contents 
– storage NH3–N loss × long-term 
substitution N fertiliser 40% (Tonini 
et al., 2018) × 1% + NH3–N × 1%+
NO3− -N × 0.75% (IPCC, 2006).  
• Avoided P leach = DM% × P content 
× long-term substitution P fertiliser 
100% (Tonini et al., 2018) × 1% 
(Styles et al., 2016). 
Avoided fertiliser 
manufacture  
• Avoided burdens = DM% × nutrient 
contents – storage NH3–N loss × long- 
term fertiliser substitution factors 
(Tonini et al., 2018) × ecoinvent 3.5 
burdens for N, P2O5, and K2O 
fertilisers. 
Avoided marginal 
electricity generation  
• Avoided burdens = DM% × m3 CH4 
yield × 0.67 kg/m3 − 1% digester 
loss × 50% biomethane use − 0.5% 
CHP slip × 50 MJ/kg LHV × 1/3.6 
MJ/kWh × 55% CHP electricity 
efficiency – 15.5% parasitic load ×
marginal electricity generation 
burdens generated in ecoinvent 3.5.  
Table 5 (continued ) 
Process  Method and data to calculate primary 
emissions and burdens 
Avoided margin heat 
generation  
• Avoided burdens = DM% × m3 CH4 
yield × 0.67 kg/m3 − 1% digester 
loss × 50% biomethane use − 1.4% 
biomethane slip × 50 MJ/kg LHV ×
1/3.6 MJ/kWh × 90% conversion 
efficiency of LHV in fuel to useful 
heat × marginal heat generation 
burdens generated in ecoinvent 3.5 
consequential (Styles et al., 2016). 
C sequestration  • From Buswell’s equation, 50% mol 
CO2 and 50% mol CH4 biogas 
composition  
• CH4 moles lost in biogas =
biomethane yield (kg)/0.016 kg 
mol− 1.  
• C sequestration = C in input – 
[(biomethane yield/0.016 × 0.012 
kg mol− 1 CH4–C) + (biomethane 
yield/0.016 × 0.012 kg mol− 1 
CO2–C)] × 13.2% long-term C 
sequestration (Tonini et al., 2018). 
tkm: tonne kilometre; DM%: dry matter percentage; PLA: polylactic acid; EFs: 
emission factors; CH4: methane; NH3–N: ammonia nitrogen; NO3− -N: nitrate ni-
trogen; N2O–N: dinitrogen monoxide nitrogen; NH4+-N: ammonium nitrogen; N: 
nitrogen; P: phosphorus; C: carbon; P2O5: phosphorus pentoxide; K2O: potas-
sium oxide; CHP: combined heat and power; LHV: lower heating value. 
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ecoinvent 3.5 consequential (Wernet et al., 2016) to be relevant to the 
geographical location of the UK and to fit the modelled scenario. See 
supplementary material: tab 5 for a full arithmetic breakdown of the 
net energy produced for each feedstock. 
2.3.4.4. Insect feed. Producing animal feed from food waste via insects 
is an ultimate circular use of waste represented in the most ambitious 
scenario (necessitating regulatory change). In this scenario, the sepa-
rated waste was fed to insects which were converted into a protein meal 
to feed livestock. Land was spared due to a reduction in feed demand; 
this land could be diverted to other priority uses in line with GHG 
mitigation and circular economy objectives. The production of animal 
feed via insects was modelled based on an LCA study by Van Zanten et al. 
(2015) which produced house fly larvae meal from a mixture of mainly 
food waste with some chicken manure. The methodology within this 
study follows that of Styles et al. (2020), whereby the LCA was simpli-
fied by considering that all dry matter feed was provided by the com-
bined household food waste and PLA. 2.8 tonnes of dry matter (DM) 
food waste was required per tonne of DM larvae meal (Styles et al., 
2020). Therefore, one tonne of fruit and vegetable food waste and 51.12 
kg of PLA produced 0.074 tonnes of DM larvae meal. 378 kWh of elec-
tricity, and 183 kWh of heat were also required for the larvae meal feed 
production process. Energy was sourced from marginal sources 
mentioned in Section 2.3.2.3. 
The original study estimated that 1 tonne of larvae meal replaced 0.5 
tonnes of fishmeal and 0.5 tonnes of soybean meal on a DM basis (Van 
Zanten et al., 2015). The avoided upstream burdens and amount of land 
sparing associated with animal feed substitution were calculated based 
on ecoinvent 3.5 consequential burdens (Wernet et al., 2016). Reduced 
soybean demand spares arable land that we assume is afforested to help 
meet net zero GHG emission targets and potentially longer-term energy 
security and bioeconomy objectives depending on the use of harvested 
wood (Brodin et al., 2017). An average rate of C sequestration in soil and 
biomass following afforestation of 3600 kg C ha− 1 yr− 1 was assumed, 
based on average values for temperate forest regeneration (Searchinger 
et al., 2018). Finally, approximately 7.88 tonnes of insect manure are 
produced per tonne larvae meal (Van Zanten et al., 2015). This insect 
manure was assumed to be diverted to AD. The larvae manure was 
assumed to have an N, P, and K content of 3.28, 0.76, and 0.98% per 
tonne of DM, respectively. The DM of the larvae manure was modelled as 
38%. The AD process was modelled as per Section 2.3.4.2. See sup-
plementary material: tab 6 for a full arithmetic breakdown of the 
inventory. 
2.3.4.5. Home composting. Home composting produces insufficient heat 
to decompose PLA (Su et al., 2019). Hence, home composting was 
modelled using a similar method to industrial composting, applied only 
to food waste (i.e. excluding PLA), including the emissions from 
decomposition and application of compost, and emission mitigation via 
mineral fertiliser substitution and soil carbon sequestration. However, 
only 18% of the fertiliser substitution credit calculated for industrial 
composting was applied to home composting, reflecting the proportion 
of home compost that actually replaces fertiliser use (Andersen et al., 
2012). See supplementary material: tab 7 for a full arithmetic 
breakdown of the inventory. 
2.3.4.6. Recycling. PP, HDPE, and PET packaging waste was modelled 
as 55% recycled, and LDPE packaging as 10% recycled (see Section 
2.2.1). In this study, emissions relating to the sorting at a materials 
recovery facility and the recycling of the plastics to granulates were 
included using data from ecoinvent 3.5 consequential burdens (Wernet 
et al., 2016). The recycled plastics were modelled as substituting virgin 
granulates from their respective markets. In this study, the trans-
portation from the materials recovery facility to the recycling facility 
was assumed to be 200 km via lorry and 3000 km via ocean transport 
(explored in uncertainty analyses), reflecting the global trade of plastic 
recycling (Bishop et al., 2020). 
2.4. Impact assessment 
2.4.1. Impact categories 
The life cycle impact assessment (LCIA) used in this study was the 
Environmental Footprint (EF) 2.0 method. The EF LCIA is a European 
initiative to harmonise LCA, and includes a thorough collection of 16 
midpoint impact categories, that aims to encompass the holistic impacts 
from the hitherto mentioned modelled system (Manfredi et al., 2012). 
All 16 impact categories were considered for this study. 
2.4.2. Uncertainty analysis 
Error propagation via Monte Carlo simulations was performed with 
1,000 iterations to obtain estimates of result uncertainty associated with 
multiple model parameter uncertainties. Parameter uncertainties were 
based on background ecoinvent uncertainties where applicable, and a 
pedigree matrix for all generated foreground data (Ciroth et al., 2016). 
Table 6 
Methods applied to calculate activity data, emissions, and environmental bur-
dens within the incineration scenarios.  
Process  Method and data to calculate primary 
emissions and burdens 
Incurred 
processes 
Burdens  • Input and outputs from the 
incineration process are calculated 
from adapted ecoinvent 3.5 
consequential processes of: 
o Food Waste - treatment of biowaste, 
municipal incineration, CH 
o PLA - treatment of waste plastic, 
mixture, municipal incineration, CH 
o HDPE and LDPE - treatment of waste 
polyethylene, municipal incineration, CH 
o PET - treatment of waste polyethylene 
terephthalate, municipal incineration, 
CH 
o PP - treatment of waste polypropylene, 
municipal incineration, CH 
o Processes adapted to be relevant to the 
geographical location of the UK and to fit 








• Mitigated emissions = net energy 
recovered (J/kg) (calculated below) ×
incinerator energy conversion 
efficiency (22%) × emissions intensity 
of grid electricity (taken from 
ecoinvent 3.5 consequential of 
modelled marginal mix) (Moult et al., 
2018).  
• Net energy recovered = energy 
content in the food (Tonini et al., 
2018) – (water content (Tonini et al., 
2018) × energy required to heat a unit 
of water to boiling point and then to 
boil it (calculated below)) (Moult 
et al., 2018).  
• Energy required to heat a unit of water 
to boiling point and then to boil it =
[(temperature of water (373 K) – 
starting temperature of the water 
(taken as 298 K)) × specific heat 
capacity of water (4.18 kJ/kg/K)] +
latent heat of vaporisation of water 
(2257 kJ/kg) (Moult et al., 2018).  
• Gross thermal energy outputs were 
reduced by 15.5% to account for 
parasitic heat loss to the walls of the 
incinerator (Moult et al., 2018). 
CH: Switzerland; PLA: polylactic acid; HDPE: high-density polyethylene; LDPE: 
low-density polyethylene; PET: polyethylene terephthalate; PP: polypropylene. 
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The pedigree matrix creates a score based on five aspects of data un-
certainty (reliability, completeness, temporal correlation, geographical 
correlation, and further technological correlation), and applies a geo-
metric standard deviation to the intermediate and elementary exchanges 
at the unit process level. The applied pedigree matrices scores can be 
found in supplementary material: tab 9. For some uncertain param-
eters, triangular distribution was used which supplied a lower and upper 
value. These parameters included composting decomposition emission 
factors, recycling transportation distances, and collection distances for 
the food and plastic waste. The applied distributions can be found in 
supplementary material: tab 9. 
The statistical approach followed was similar to that of Pizzol 
(2019). Statistical analysis was performed to explore where the nine 
different scenarios were significantly different across all 16 impact 
categories. The null hypothesis tested assumed that the environmental 
impacts of the inventory of the different scenarios were equal. Since 
normality was rejected via Shapiro-Wilk tests, the differences between 
the environmental impacts of the scenarios within the same impact 
categories were statistically tested using nonparametric pairwise 
Mann-Whitney U tests. Significant differences were considered as α =
0.05, with Bonferroni correction applied to avoid type 1 errors (false 
positives). 
2.4.3. Sensitivity analysis 
To explore the influence of critical factors for PLA production that 
could vary with policy and management decisions, two further 
sensitivity analyses were conducted. The PLA ecoinvent production data 
used within the study originated from 2007, and although the back-
ground data were extrapolated to the year of the 3.5 consequential 
database release (2018) within the dataset, with the uncertainty 
adjusted accordingly (Wernet et al., 2016), PLA is still a developing 
technology and it is highly probable that the efficiency of the PLA pro-
duction has and will improve as production scales up and as technolo-
gies mature. Therefore, in the first sensitivity analysis, the energy 
burdens required to produce the PLA granulate were reduced by 50%. 
Secondly, a sensitivity scenario where the maize was produced and 
converted to PLA granulate within the UK was modelled, to assess the 
consequences of the location of the production of the PLA granulate in 
terms of maize cultivation and marginal energy mix. 
2.4.4. Total magnitude of burdens for the UK 
Footprints per functional unit were then extrapolated up to the 
2,068,226 tonnes of total fruit and vegetable food waste estimated to be 
generated annually in the UK by 2030 (Table 3). For this quantity of food 
waste, 105,728 tonnes of plastic packaging waste are also generated. 
Within this analysis further consequential thinking was applied, wherein 
the BAU petrochemical plastic production and subsequent waste treat-
ment was modelled to be avoided by deployment of bioplastic packaging 
for all fresh fruit and vegetables. As such, the calculated total magnitude 
of burdens for the UK modelled the avoided BAU scenario as a “credit” to 
the system for the multiple bioplastic scenarios. Within this framework, 
the environmental savings are denoted by any negative values, whilst 
Fig. 2a. Contribution analysis for the LCIA of the eight bioplastic and food waste scenarios, and the business-as-usual (BAU) petrochemical plastic and food waste 
scenario, across eight of the 16 impact categories assessed. Horizontal stripes represent burdens from plastic production, dotted bars represent burdens from plastic 
end-of-life, diagonal stripes represent burdens from food end-of-life. Black diamonds represent the total results for each scenario with each impact category. BAU: 
business-as-usual (20% separation); S1: scenario 1 (20% separation); S2: scenario 2 (40% separation); S3: scenario 3 (60% separation); S4: scenario 4 (80% sepa-
ration); SAD: scenario anaerobic digestion (100% separation); SComp: scenario composting (100% separation); SIncin: scenario incineration (100% separation); SIF: 
scenario insect feed (100% separation) 
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positive values represent an overall burden increase (i.e. new impacts 
greater than any credits). 
3. Results 
3.1. LCA results from using PLA food packaging 
The contribution analysis of the results from the management of 1 
tonne of fresh fruit and vegetable food waste plus 51.12 kg of plastic 
packaging in different end-of-life waste management scenarios is pre-
sented in Fig. 2. A full and further disaggregated breakdown of the re-
sults for each scenario and impact category can be found in 
supplementary material: tab 10. Overall, the results show variations 
between the different scenarios, with the SIF scenario being the most 
environmentally efficient treatment of the PLA, and the bioplastic sce-
narios improving in environmental efficiency when more food waste is 
diverted to AD. Plastic production and food end-of-life treatment 
dominate burdens across the majority of impact categories, and bio-
plastic scenarios only result in savings across half (eight) of the envi-
ronmental impact categories assessed, compared with the petrochemical 
plastic BAU, if 100% of food waste can be diverted to AD (SAD). Only six 
of the 16 impact categories show lower footprints for bioplastic by 
scenario S4, compared to eleven out 16 for 100% diversion to insect 
larvae animal feed production (SIF). The impact categories for which 
bioplastic scenarios performed comparatively well included (with the 
level of food waste diversion required for environmental performance to 
exceed that of petrochemical plastic packaging): cancer human health 
effects (40%), climate change (100%, for AD and insect feed), freshwater 
eutrophication (60%), ionising radiation (20%), non-cancer human 
health effects (20%), photochemical ozone formation (80%), resource 
(energy carriers) use (60%), and respiratory inorganics (100%, for AD 
and insect feed). The impact categories for which only SIF achieved 
lower burdens included: freshwater ecotoxicity, land use, and resource 
(minerals and metals) use. There were five impact categories for which 
all the bioplastic scenarios had higher environmental impacts relative to 
the BAU scenario, including: terrestrial and freshwater acidification, 
marine eutrophication, terrestrial eutrophication, ozone depletion, and 
water scarcity. These are typically the impacts where feedstock (maize) 
cultivation made a particularly large contribution to bioplastic pro-
duction impacts. 
3.2. Uncertainty analysis results 
Fig. 3 shows the distribution of results for each scenario over 1,000 
Monte Carlo simulations. Simulation results can be found in supple-
mentary material: tab 11. The initial visual impression is that un-
certainties are substantial and may not allow clear differentiation across 
scenarios in terms of environmental performance. However, it was 
observed that 89% of all 576 pairwise comparisons undertaken showed 
statistically significant differences (Bonferroni-corrected p-values <
0.05), with the majority of impact categories exhibiting statistically 
significant differences across 97% of the pairwise comparisons among 
Fig. 2b. Contribution analysis for the LCIA of the eight bioplastic and food waste scenarios, and the business-as-usual (BAU) petrochemical plastic and food waste 
scenario, across the remaining eight of 16 impact categories assessed. Horizontal stripes represent burdens from plastic production, dotted bars represent burdens 
from plastic end-of-life, diagonal stripes represent burdens from food end-of-life. Black diamonds represent the total results for each scenario with each impact 
category. BAU: business-as-usual (20% separation); S1: scenario 1 (20% separation); S2: scenario 2 (40% separation); S3: scenario 3 (60% separation); S4: scenario 4 
(80% separation); SAD: scenario anaerobic digestion (100% separation); SComp: scenario composting (100% separation); SIncin: scenario incineration (100% 
separation); SIF: scenario insect feed (100% separation). 
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scenarios. Therefore, most of the differences across scenarios observed 
in Fig. 2 and 3 are statistically significant. A full breakdown of the sta-
tistical pairwise Mann-Whitney U results for each scenario and impact 
category can be found in supplementary material: tab 12. 
3.3. Sensitivity analyses results 
The sensitivity analyses undertaken in this study found that there is 
huge potential to reduce the impacts of bioplastic production. Within the 
main model under default assumptions, many of the scenarios do not 
reduce environmental impact compared with the BAU scenario of con-
ventional plastic packaging, as seen in Fig. 2 and 4. However, both 
sensitivity analyses significantly improve the environmental ranking of 
the bioplastic scenarios against the petrochemical plastic BAU scenario, 
with bioplastic scenarios outperforming the petrochemical plastic 
packaging BAU scenario for the majority of impact categories (Fig. 4). 
Even where rankings do not change, the absolute burdens of bioplastics 
were reduced, mitigating environmental trade-offs, as seen in Fig. 4 
which displays the percentage difference of the bioplastic scenarios from 
the petrochemical scenario. For example, GWP burdens were only lower 
than the BAU scenario for two bioplastic scenarios in the baseline 
modelled LCA. However, both sensitivity analyses resulted in all of the 
bioplastic scenarios bar one having smaller GWP burdens than the 
petrochemical scenario. In fact, bioplastic scenario S1, which has the 
same separation efficiency as the BAU scenario (and therefore one of the 
least environmentally beneficial outcomes), resulted in 11% or 9% 
lower GHG emissions than BAU when energy use was reduced by 50% or 
global production switched to UK production, respectively. Differences 
from the BAU scenario GWP burden were as great as − 192% and − 190% 
for the SIF scenarios within the two sensitivity analyses (Fig. 4). Full 
results from the sensitivity analysis can be found in supplementary 
material: tab 13. 
3.4. Total UK fruit and vegetable food waste and associated packaging 
Table 7 shows the magnitude of environmental impacts associated 
with the total fresh fruit and vegetable food waste estimated to be 
generated annually in the UK by 2030. Applying more consequential 
thinking to the approach provided a credit to the bioplastic scenarios 
from the displaced petrochemical BAU scenario. It is worth noting that, 
for the results presented in Table 7, environmental savings are denoted 
by any negative values, whilst positive values represent an overall 
burden increase. As such, converting to a PLA food packaging material 
appears to be able to considerably reduce the UK’s overall emissions 
from packaging and food waste management when 100% diversion of 
organic waste to AD or insect feed is achieved. National GHG emissions 
savings are − 12,791,668 and − 754,742,657 kg CO2 eq. for 100% waste 
diversion to AD and insect feed, respectively. For scenario S1, mean-
while, where the collection efficiency remains unchanged, net envi-
ronmental savings are only seen in ionising radiation and non-cancer 
human health effects. Full results from the extrapolated total UK sce-
nario, including results from the extrapolated sensitivity analysis, can be 
found in supplementary material: tab 14. 
4. Discussion 
4.1. Importance of packaging production on the environmental 
performance 
The results show that a switch from petrochemical plastic to PLA 
Fig. 3a. Results of the Monte Carlo simulation for eight bioplastic and food waste scenarios, and the business-as-usual (BAU) petrochemical plastic and food waste 
scenario, across eight of the 16 impact categories assessed. For visualisation purposes, outliers have been excluded from the graphs, but were included in all statistical 
analyses. A full breakdown of the Monte Carlo results can be found in supplementary material: tab 12. BAU: business-as-usual (20% separation); S1: scenario 1 
(20% separation); S2: scenario 2 (40% separation); S3: scenario 3 (60% separation); S4: scenario 4 (80% separation); SAD: scenario anaerobic digestion (100% 
separation); SComp: scenario composting (100% separation); SIncin: scenario incineration (100% separation); SIF: scenario insect feed (100% separation) 
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bioplastic packaging for fresh fruit and vegetables within the UK, 
without any associated increased diversion of organic waste to biowaste 
treatment, could increase overall environmental burdens. Bioplastic 
production incurs high environmental costs for maize cultivation and 
processing energy consumption. Indirect land-use change was found to 
be a major PLA burden, but is not included in many bioplastic LCA 
studies (Bishop et al., 2021). The inclusion of iLUC incurs a penalty for 
the renewable feedstock that reflects the constrained availability of land 
and the risk of displacing existing agricultural production elsewhere. 
Conversely, whilst previous studies have attributed high biogenic car-
bon storage to bioplastics (Bishop et al., 2021), short-term biogenic 
carbon storage in plastics was disregarded in this study (although 
long-term soil carbon storage from residue application was included), 
providing a conservative and robust approach to assessing life cycle 
emissions from bioplastic use and end-of-life. 
Although the analysis identified that bioplastic production and food 
waste end-of-life were the major environmental burden contributors, it 
was found that, despite plastic packaging only representing 5% fresh 
weight of fresh fruit and vegetable food waste, it represented 25% of the 
dry weight waste due to the high water content of fruit and vegetables. 
Plastic packaging therefore constitutes a major material flow within 
food waste streams that strongly influences the energy recovery poten-
tial. Food waste LCA studies involving different rates of separation 
should therefore also account for any diversion of plastic packaging 
waste. 
The sensitivity analyses show that the energy efficiency and location 
of PLA production can have a large influence on the environmental 
footprint of bioplastic. Although somewhat crudely calculated, the 
sensitivity analyses show there is high potential for the performance of 
bioplastics to improve as processing technology matures and as energy 
systems decarbonise. Petrochemical plastic production has been refined 
over decades to approach technical potential for economic and envi-
ronmental efficiency, whilst PLA is still an emerging material. The 
forward-looking LCA and sensitivity analyses applied in this study 
attempt to compensate for the different improvement potentials of these 
materials. This research suggests that, in order to realise environmental 
savings, bioplastics should be produced within industrialised countries 
where demand is initially greatest owing to more efficient feedstock 
cultivation and processing technologies, and cleaner energy supplies. 
This may require “on-shoring” of plastic production from low-cost 
developing and transitioning countries. 
It is important to note that, whilst maize feedstock was modelled 
within this study due to it being the primary commercially used feed-
stock (Vink et al., 2007), many other feedstocks exist and are being 
developed for PLA production. These include feedstocks such as ligno-
cellulosic material (Cubas-Cano et al., 2018; Danner et al., 2004; Singhvi 
and Gokhale, 2013), food waste (Kwan et al., 2018), and other crops 
(Morão and de Bie, 2019), among many other novel substrates for val-
orisation (Djukić-Vuković et al., 2019). These various feedstocks could 
significantly lower the environmental impact of bioplastic packaging, 
especially if production impacts can also be reduced (Fig. 2). The results 
of this study therefore only reflect one production technology, and as 
such do not necessarily reflect the wider future potential of PLA pack-
aging production. Future research should assess the potential future 
impacts from alternative production pathways, to identify the most 
environmentally efficient feedstocks and production techniques, and 
also the sustainable niche of bioplastics within a circular, net-zero car-
bon future (European Commission, 2019). 
Fig 3b. Results of the Monte Carlo simulation for eight bioplastic and food waste scenarios, and the business-as-usual (BAU) petrochemical plastic and food waste 
scenario, across eight of the 16 impact categories assessed. For visualisation purposes, outliers have been excluded from the graphs, but were included in all statistical 
analyses. A full breakdown of the Monte Carlo results can be found in supplementary material: tab 12. BAU: business-as-usual (20% separation); S1: scenario 1 
(20% separation); S2: scenario 2 (40% separation); S3: scenario 3 (60% separation); S4: scenario 4 (80% separation); SAD: scenario anaerobic digestion (100% 
separation); SComp: scenario composting (100% separation); SIncin: scenario incineration (100% separation); SIF: scenario insect feed (100% separation). 
G. Bishop et al.                                                                                                                                                                                                                                  
Journal of Cleaner Production 317 (2021) 128377
13
Fig. 4. Heat map of the eight different bioplastic scenarios showing the percentage difference of the multiple scenarios from the BAU baseline scenario. The figure 
contains the results as modelled, and the two sensitivity scenarios as described in Section 2.4.2. BAU: business-as-usual (20% separation); S1: scenario 1 (20% 
separation); S2: scenario 2 (40% separation); S3: scenario 3 (60% separation); S4: scenario 4 (80% separation); SAD: scenario anaerobic digestion (100% separation); 
SComp: scenario composting (100% separation); SIncin: scenario incineration (100% separation); SIF: scenario insect feed (100% separation). 
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4.2. Importance of food waste diversion on the environmental 
performance 
The analyses show that food waste end-of-life contributes a consid-
erable share of environmental impact across all impact categories. Bio-
plastic LCA system boundaries are rarely expanded to include possible 
food waste diversion to biowaste treatment (Kakadellis and Harris, 
2020), despite bioplastics potentially facilitating such food waste 
diversion that is shown in this study to be critical to the overall envi-
ronmental efficiency of bioplastic use. If use of bioplastics means more 
food waste is diverted to AD and insect animal feed, because it is easier 
for consumers to separate out food waste without first de-packaging it, 
then that could leverage significant environmental savings. 
Overall, the results show that supplying organic waste to insect feed 
was the most environmentally beneficial end-of-life option out of the 
modelled scenarios (Fig. 2). For many impact categories, including 
global warming potential (carbon footprint), net credits are achieved 
when bioplastics increase diversion to this treatment. Although an 
extreme case, this scenario demonstrates that land-use and land-use 
change are important factors to consider when expanding LCA bound-
aries, and that more circular management of waste (as well as waste 
prevention) can spare land. Net carbon sequestration via afforestation of 
land no longer needed for feed cultivation illustrates the well-recognised 
benefits of afforestation for GHG mitigation (Duffy et al., 2020; Richards 
and Stokes, 2004) and (although not modelled) longer-term energy se-
curity and bioeconomy objectives depending on use of harvested wood 
(Brodin et al., 2017). Following insect feed, the next most environ-
mentally efficient waste management option was diverting food waste 
and PLA to AD (Fig. 2), in line with other waste management LCA studies 
(Moult et al., 2018; Salemdeeb et al., 2017). The industrial composting 
scenario showed relatively high emissions when compared to the other 
scenarios, placing composting lower down the food waste hierarchy 
than other recent studies (Moult et al., 2018; WRAP, 2020b). This was 
partly due to the high decomposition emission factors applied (Saer 
et al., 2013), though even after applying lower emission factors within 
the uncertainty analysis, the composting scenario remained less envi-
ronmentally efficient than AD (Fig. 2). 
Bioplastics have the potential to reduce global warming potential 
(Fig. 4), but the EF impact assessment method provides a more holistic 
view of PLA performance, indicating that PLA remains more environ-
mentally damaging than conventional petrochemical plastics for several 
impact categories. The analysis therefore illustrates important trade-offs 
associated with a transition to PLA food packaging, including notable 
increases in terrestrial and freshwater acidification, terrestrial and ma-
rine eutrophication, ozone depletion, and water scarcity. These relate to 
critical planetary boundaries (Rockström et al., 2009; Steffen et al., 
2015) and future sustainability challenges (Mekonnen and Hoekstra, 
2016). Therefore, there is a particular need to identify feedstocks that 
can reduce these environmental hotspots in order to minimise the risk of 
burden shifting. Meanwhile, reducing the weight of plastic packaging 
used for fresh fruit and vegetables, without compromising preservation, 
and reducing food waste arising, should be priorities for the circular 
economy. 
4.3. Limitations and future research 
A major issue for biodegradable bioplastics is the uncertainty that 
still exists around the suitability of biodegradable bioplastics for AD and 
composting. It has been noted that industrial composting and AD facil-
ities are reluctant to accept bioplastics (Kakadellis and Harris, 2020). 
This may be largely due to the challenge of distinguishing the biode-
gradable plastics from the non-biodegradable plastics during screening. 
Petrochemical plastic waste is a major contamination problem when it 
ends up within these systems, and can negatively affect the treatment 
processes, as well as contaminate the compost or digestate products 
(Bátori et al., 2018; Kale et al., 2007). Nevertheless, it has been sug-
gested that optical sorting systems are capable of identifying and sepa-
rating the bio-based and petrochemical plastics (Kakadellis and Harris, 
2020). Another potential limitation of supplying the PLA to AD is that, 
whilst most compostable bioplastics are certified for specific environ-
ments in industrial composting conditions, the use of bioplastics within 
anaerobic digestion systems is relatively understudied. Although some 
biopolymers can degrade in AD within the hydraulic retention time 
(HRT) applied for a typical biogas plant treating the organic fraction of 
municipal solid waste, it has been found that PLA can take longer than 
the usual HRTs used in food waste biogas plants (Bátori et al., 2018; 
Narancic et al., 2018). Although this research highlights the benefits of 
developing biopolymers fit for AD end-of-life management, waste 
infrastructure and management practises may also need to adapt to the 
evolving composition of waste. 
A barrier for bioplastic entry to the market is the current high cost of 
the plastic (Changwichan et al., 2018). For this future-looking study it 
was assumed that downwards price trends will continue, especially if 
production is to be increased, achieving economies of scale (Brizga et al., 
Table 7 
Consequential LCA results for all UK fresh fruit and vegetable food waste (2,068,226 tonnes) and associated PLA packaging in 2030 transitioning from BAU (100% 
petrochemical plastic packaging) to the scenarios of 100% bioplastic packaging and enhanced food waste diversion to dedicated biowaste treatment. Environmental 
savings are denoted by negative values, whilst positive values represent burden increases following the transition.  
Impact category Scenarios 
S1 S2 S3 S4 SAD SComp SIncin SIF 
Acidification terrestrial and freshwater, mol H+ eq 8.99E+05 9.30E+05 9.61E+05 9.93E+05 6.44E+05 2.17E+06 4.87E+05 5.08E+05 
Cancer human health effects, CTUh 9.46E-01 − 6.66E-01 − 2.28E+00 − 3.89E+00 − 4.52E+00 − 2.22E+00 3.54E+00 − 7.36E+00 
Climate change, kg CO2 eq 1.10E+08 9.03E+07 7.02E+07 5.00E+07 − 1.28E+07 2.40E+08 8.79E+07 − 7.55E+08 
Ecotoxicity freshwater, CTUe 4.30E+08 3.31E+08 2.33E+08 1.34E+08 1.01E+08 1.78E+08 5.94E+08 − 1.22E+09 
Eutrophication freshwater, kg P eq 3.71E+04 1.39E+04 − 9.24E+03 − 3.24E+04 − 3.88E+04 − 3.16E+04 7.70E+04 − 3.07E+05 
Eutrophication marine, kg N eq 8.18E+05 8.58E+05 8.98E+05 9.38E+05 7.16E+05 1.64E+06 5.16E+05 8.37E+04 
Eutrophication terrestrial, mol N eq 4.44E+06 5.06E+06 5.68E+06 6.29E+06 4.63E+06 1.23E+07 1.55E+06 1.07E+07 
Ionising radiation, HH, kBq U-235 eq − 1.47E+07 − 1.45E+07 − 1.43E+07 − 1.42E+07 − 1.45E+07 − 1.05E+07 − 1.55E+07 − 1.88E+07 
Land use, Pt 1.15E+09 1.08E+09 1.01E+09 9.36E+08 8.90E+08 1.15E+09 1.26E+09 − 8.84E+09 
Non-cancer human health effects, CTUh − 2.37E+01 − 3.20E+01 − 4.03E+01 − 4.85E+01 − 4.90E+01 − 1.26E+01 − 7.73E+00 − 5.18E+01 
Ozone depletion, kg CFC11 eq 4.29E+01 3.88E+01 3.46E+01 3.05E+01 2.47E+01 5.06E+01 4.54E+01 5.00E+00 
Photochemical ozone formation, HH, kg NMVOC eq 4.60E+05 2.97E+05 1.33E+05 − 3.07E+04 − 1.33E+05 3.02E+05 6.86E+05 − 1.67E+06 
Resource use, energy carriers, MJ 7.29E+08 2.90E+08 − 1.50E+08 − 5.90E+08 − 1.16E+09 1.22E+09 1.04E+09 − 4.19E+09 
Resource use, mineral and metals, kg Sb eq 6.54E+02 5.04E+02 3.55E+02 2.05E+02 9.15E+00 6.41E+02 7.57E+02 − 9.41E+02 
Respiratory inorganics, disease incidence 4.21E+00 3.08E+00 1.95E+00 8.18E-01 − 4.33E+00 1.75E+01 1.33E+00 − 1.45E+00 
Water scarcity, m3 deprived 1.11E+09 1.09E+09 1.08E+09 1.06E+09 1.05E+09 1.08E+09 1.13E+09 1.19E+09 
S1: scenario 1 (20% separation); S2: scenario 2 (40% separation); S3: scenario 3 (60% separation); S4: scenario 4 (80% separation); SAD: scenario anaerobic digestion 
(100% separation); SComp: scenario composting (100% separation); SIncin: scenario incineration (100% separation); SIF: scenario insect feed (100% separation). 
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2020). However, the economic costs over the PLA life cycle will have 
effects on the sustainability of the product. As such, life cycle cost 
analysis should be conducted in the future to explore the systematic 
economic evaluation of the bioplastic over its life cycle. 
From our scenarios, the truly circular option of directing the waste to 
insect feed would necessitate regulatory change. Research would have to 
be conducted to ensure no significant disease-transmission risks within 
and across species arises from such recycling. Further, research would 
have to be undertaken to confirm the assumption that PLA is suitable to 
be digested by the insect larvae. In the meantime, this scenario dem-
onstrates that innovative approaches to waste management, and the 
development of disruptive waste treatment technologies, may be 
required to realise the potential environmental benefits of bioplastics 
(Salemdeeb et al., 2017). 
The effects of plastic debris pollution (littering) into the environment 
are not included within any current LCA impact category (Bishop et al., 
2021). Plastic pollution has wide-ranging and large potential impacts on 
ecosystem quality, and human health. Consequently, developing new 
impact assessment methods, or adapting existing ones, to represent 
potential environmental damage arising from plastic pollution should be 
a priority for future research. Such development could have a large in-
fluence on conclusions drawn from LCA studies and is likely to have a 
significant bearing on the environmental sustainability credentials of 
biodegradable bioplastics used to substitute petrochemical plastics. 
The error propagation performed via Monte Carlo simulation pro-
vides an idea of the uncertainties due to the data used in the model 
(Pizzol, 2019). The use of error propagation on LCA inventories has 
some limitations, the foremost one being that any covariance between 
parameters is not considered, and this can lead to under/overestimation 
of the output variance (Groen and Heijungs, 2017). A further major 
limitation with the uncertainty analysis is that the uncertainty estimates 
were calculated using the pedigree-matrix approach (Ciroth et al., 
2016), which is a semi-quantitative method and has arguably a lower 
accuracy compared to using primary data to estimate uncertainty. 
Nevertheless, the uncertainties analyses showed, with strong confi-
dence, statistical significance of differences across scenarios (Fig. 3). 
The regional scope of this study was the UK, and although the UK is 
somewhat representative of other European countries with respect to 
more circular waste management objectives (European Commission, 
2020), the model developed in this study highlights that variations in 
waste composition and marginal energy supplies strongly influence the 
comparative environmental performance of bioplastic. Future work 
should therefore explore different locations of deployment. Future work 
should also explore the growing collection of novel feedstocks for PLA 
production, which have the potential to improve overall environmental 
performance. 
5. Conclusion 
This study demonstrated that quantification of possible conse-
quences for food waste separation is critical to understand the net 
environmental performance of a shift towards use of bioplastics for food 
packaging. The results show that PLA production can have a high impact 
compared with petrochemical plastic production across many impact 
categories, but diversion of PLA and food waste to be organically recy-
cled, via AD, or potentially insect feed in the future, can compensate for 
this, dramatically improving the overall environmental performance of 
the bioplastic packaging. 
The impact categories for which bioplastic scenarios performed 
comparatively well against petrochemical plastic use included: human 
health effects, climate change, freshwater eutrophication, ionising ra-
diation, photochemical ozone formation, resource use (energy carriers), 
and respiratory inorganics. On the other hand, bioplastic plastic sce-
narios generated larger burdens for terrestrial and freshwater acidifi-
cation, terrestrial and marine eutrophication, ozone depletion, and 
water scarcity. Sensitivity analyses indicated high improvement 
potential for bioplastics through improved energy efficiency in PLA 
production, and/or a shift of bioplastic production to industrialised, 
plastic-importing countries such as the UK (production “on-shoring”). 
Changes in fruit and vegetable food waste end-of-life management had a 
large influence on environmental outcomes. Conversely, the plastic 
packaging of fresh fruit and vegetables represents a large share of dry 
matter material flow in waste streams and therefore has a strong influ-
ence on environmental outcomes for biowaste treatment. It is important 
that future LCA studies of food packaging account for both packaging 
and (diverted) food waste end-of-life flows. 
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